[1] A vast majority of monitoring programs designed to assess nutrient fluxes from headwater systems rely upon temporally intensive sampling at a single position within the stream network, essentially measuring the integrated response of the catchment. Missing from such an approach is spatial information related to how nutrient availability varies throughout the network, where freshwater biota live and where biogeochemical processes ultimately shape the downstream water chemistry. Here, we examine the spatial distribution of nitrate (NO 3 − ) concentrations within the Paine Run catchment, a forested headwater catchment in Shenandoah National Park, Virginia. Nitrate concentrations throughout the stream network were measured as part of synoptic surveys conducted in 1992-1994, in the aftermath of region-wide gypsy moth defoliation that caused dramatic increases in stream water NO 3 − concentrations. A follow-up synoptic survey was conducted in 2007, when the stream water NO 3 − concentrations had returned to predefoliation levels. Common to each of the eight synoptic surveys were observations of multiple-fold declines in NO 3 − concentration along the main stem of the stream network from the headwaters to the catchment outlet. A portion of this decline was caused by dilution, as water input by tributaries at the lower elevations of the catchment tended to have lower NO 3 − concentrations. A stream network model was applied to determine the relative contributions of terrestrial versus in-stream processes to the spatial variability of the NO 3 − concentrations. Model results suggest that even though nitrate removal within the stream network can be substantial, terrestrial factors that determine the NO 3 − inputs to streams account for the vast majority of the spatial variability in stream water NO 3 − concentrations.
Introduction
[2] Nitrogen (N) deposition to terrestrial ecosystems has increased as a result of anthropogenic activities [Vitousek et al., 1997; Galloway et al., 2008] , leading to the potential for N saturation in forested headwater catchments when supply exceeds the demand of floral and microbial communities [Aber et al., 1989 [Aber et al., , 1998 ]. An understanding of the physical and biological controls on N transport and transformation processes is essential for identifying areas that may be susceptible to such N "leakage," where its downstream delivery may have a deleterious effect on receiving waters. A vast majority of monitoring programs designed to assess nutrient fluxes from headwater systems rely upon temporally intensive sampling at a single position within the stream network, essentially measuring the integrated response of the catchment. Missing from such an approach is spatial information related to how nutrient availability varies throughout the network, where freshwater biota live and where biogeochemical processes ultimately shape the downstream water chemistry. Here, we characterize the spatial variability of stream water nitrate (NO 3 − ) concentrations in a forested headwater catchment using synoptic data and examine the relative importance of terrestrial and instream factors in accounting for this variability.
[3] Inputs of NO 3 − , the dominant form of inorganic nitrogen in streams draining forested catchments, are shaped by terrestrial biogeochemical processes encountered along the pathway from soil to stream. Deposition, mineralization, and nitrification promote NO 3 − availability in forests soils, while uptake by vegetation, immobilization, and in situ denitrification reduce the potential for transport. Spatial variability of these processes within catchments can lead to differential inputs of NO 3 − along the stream network. For example, Bohlen et al. [2001] found that higher soil N mineralization and nitrification rates at higher elevations within the Hubbard Brook Experimental Forest in New Hampshire were consistent with higher stream water NO 3 − concentrations within high-elevation reaches. Bonito et al. [2003] also observed a positive correlation between mineralization and elevation in the Coweeta Hydrologic Labora-tory in North Carolina. Explanations for these findings are not straight forward, as a number of factors could have potentially contributed to these patterns, including spatial variations in the chemical composition of leaf litter, soil thickness and texture, and N pools. Vegetation density and composition regulate the magnitude of N uptake, and spatial variability in NO 3 − reaching streams has been attributed to differences in vegetation cover within the contributing catchment areas [Kaste et al., 1997; Lovett et al., 2000; Sjoeng et al., 2007] . Disturbances such as defoliation events within catchments can reduce N uptake by vegetation, also leading to greater NO 3 − transport to streams [Lovett et al., 2002; Riscassi and Scanlon, 2009] .
[4] The role of hydrological flow paths is another factor that can be significant in terms of linking terrestrial processes to the amount of NO 3 − that is ultimately transported to streams. In keeping with the perceptual model described by Creed and Band [1998] , in which significant mobilization of N occurs when saturated flow along a hillslope intercepts source areas of N located in the upper soil layers, soils thickness is a factor in determining the prevalence of this near-surface flushing. Thin soils would be more prone to the mobilization of N to the stream, as the water table is situated nearer to the surface. Watershed slope has also been shown to be related to stream water NO 3 − levels [Dillon and Molot, 1992; Kopacek et al., 2005] , although this finding is not universal [see Lovett et al., 2000] . Steeper slopes with higher hydraulic gradients in the vicinity of streams result in shorter residence times as the water passes through the stream sediment and hyporheic zone, where high levels of organic matter and anaerobic conditions promote denitrification. These hot spots of biological activity have reduced spatial extent in such settings compared with low-gradient areas [Hester and Doyle, 2008] . Shallow hydrological flow paths associated with steep terrain thereby have the greatest potential for enhanced delivery of NO 3 − from hillslope to stream.
[5] Whereas predicting NO 3 − inputs to streams as a function of terrestrial factors presents many challenges, the fate of NO 3 − once in the stream is better constrained. Efforts to quantify uptake and denitrification within streams have been motivated by the realization that in-stream (including hyporheic exchange) process can account for a significant portion of catchment N budgets [Swank and Caskey, 1982; Hill, 1983; Cooper, 1990; Burns, 1998 ]. In forested headwater streams typically characterized by low levels of ammonium (NH 4 + ) relative to NO 3 − , rates of in-stream nitrification do not appear to significantly influence spatial variations in stream water NO 3 − concentrations [Bernhardt et al., 2002] . Instead, denitrification and biological assimilation are the dominant in-stream process that affects the availability of NO 3 − within stream networks [Peterson et al., 2001] . Using a combination of mass balance results and estimates of denitrification from sediment cores, Seitzinger et al. [2002] showed that percentage N removal within streams was well described by the ratio of water depth to water residence time. Mulholland et al. [2008] conducted 15 N tracer studies within streams associated with a range of land use classifications and found that the efficiency of biotic uptake and denitrification declines as NO 3 − concentration increases. These latter two studies applied relationships developed along stream reaches to model how concentrations of N (and NO 3 − in particular) decline along stream networks and influence the amount of N ultimately exported from catchments. A common finding of these and other analyses of N transport within stream networks is that loworder streams dominate the overall removal of N, primarily due to the large portion of the network that is composed of these headwater reaches.
[6] Since a combination of terrestrial factors and instream processes shape the spatial variability of NO 3 − concentrations within headwater streams, observed patterns do not always exhibit declining NO 3 − in the downstream direction, as would be expected from in-stream removal alone. Exceptions to this more typical pattern include those reported by Johnson et al. [2000] who found highest NO 3 − concentrations in the middle portions of a Hubbard Brook catchment, and Lawrence et al. [2000] who observed lower concentrations at higher elevations in a study conducted in the Catskill Mountains of New York. If, as suggested by Bernhardt et al. [2002] , in-stream nitrification plays a relatively minor role in governing the spatial variability of stream water NO 3 − , variability in NO 3 − supplied to streams (i.e., terrestrial factors) could be responsible for overwhelming the NO 3 − trends predicted by in-stream removal processes.
[7] In this study, we examine the spatial variability of stream water NO 3 − within a forested headwater catchment in the immediate aftermath of ecosystem disturbance when NO 3 − concentrations were elevated, and years later following the recovery of the stream water NO 3 − to predisturbed concentrations. A synoptic approach is adopted to address the following objectives: (1) to characterize the spatial variability of NO 3 − within the stream network, (2) to evaluate how this variability changes according to season and time following the disturbance, and (3) to quantify the contributions to the spatial heterogeneity from terrestrial versus in-stream processes. We apply a stream network model to test the hypothesis that in-stream removal of NO 3 − is alone insufficient to account for spatial trends in NO 3 − concentrations within the study catchment.
Site Description
[8] The Paine Run catchment, located in Shenandoah National Park, Virginia, has an area of 12.7 km 2 ( Figure 1 ). Since 1992, discharge has been monitored at the catchment outlet and stream chemistry samples have been collected during storm events as well as on a weekly basis as part of the Shenandoah Watershed Study (SWAS) program at the University of Virginia. The catchment is underlain by siliciclastic bedrock, which results in low stream water acid neutralizing capacity. Characterized as chronically acidic, the mean pH is 5.8 based on weekly grab samples taken from 1992 to 2004. As with most areas in the Park, the Paine Run catchment is covered by secondary growth forest as a consequence of widespread logging in the 19th century followed by continual regrowth upon establishment of the Park in 1935. Chestnut oak and pine account for 98% of the catchment area, with the remaining 2% composed of hemlock, yellow poplar, and cove hardwood [Hyer, 1997] .
[9] Infestation by the nonnative gypsy moth (Lymantria dispar) larva resulted in the defoliation of approximately 8.8% of the Paine Run catchment in 1990, 63.4% in 1991, and 85.2% in 1992 [Eshleman et al., 1998 ]. Tree mortality resulting from this defoliation tended to be greater at higher elevations (R. Webb, personal communication, 2010) . Nitrate concentrations measured at the outlet of Paine Run exhibited a dramatic increase following this disturbance [Eshleman et al., 1998 ], and recovery of these concentrations to predefoliation levels took over a decade [Riscassi and Scanlon, 2009] .
[10] Catchment soils, which are composed of ultisols and inceptisols, are generally rocky and thin. Well-developed soil horizons are absent along some of the steeper slopes at higher elevations in the catchment, where gravel-to cobblesized material, which has weathered in place from the parent bedrock or has been transported from upslope areas, is present at the surface. Colluvial deposits consisting of cobbles and boulders are ubiquitous in valley bottoms, and this material lines streambeds and creates obstacles to flow throughout much of the stream network. Along the central axis of the catchment, a relatively wide valley bottom contains large quantities of colluvial fill, and here the main channel is anastamosing along several reaches.
Field and Laboratory Methods
[11] Synoptic sampling throughout the stream network was conducted on seven occasions in the immediate aftermath of the gypsy moth defoliation during the period 1992-1994, and once again in 2007 after the stream water NO 3 − concentrations had returned to predisturbed levels. Figure 2 shows the timing of the synoptic sampling relative to the long-term time series of NO 3 − concentrations measured at the outlet of Paine Run. Within the catchment, there were 36 locations where samples were collected (Figure 1) , all within the timeframe of 1 day. For certain sampling dates, logistical constraints or the presence of dry tributaries resulted in the collection of fewer than 36 samples. Table 1 lists the sampling dates, flow conditions, NO 3 − concentrations at the catchment outlet, and numbers of samples collected for each of the synoptic surveys.
[12] Prior to sampling, polyethylene bottles were acid washed and rinsed with distilled water. All grab samples were preserved with chloroform and placed in refrigerated storage at 4°C on the day of collection. Water samples collected in the 1990s were analyzed for NO 3 − with a Dionex Model 14 Ion Chromatograph, while samples collected in 2007 were analyzed with a Dionex ICS-3000 Ion Chromatograph. Detailed descriptions of the laboratory procedures are documented in the Laboratory Procedure Manual [University of Virginia, 1996] available on the SWAS website (http://swas.evsc.virginia.edu).
[13] Discharge was measured at 15 min intervals at the catchment outlet throughout the entire timeframe of this study. Stream stage was logged using a float and pulley system within a stilling well, and routine cross-sectional velocity measurements along a natural control were used to update the rating curve used to convert the measured stage to discharge. During the 2007 synoptic survey, salt dilution gaging was employed to measure discharge at 22 of the sampling locations distributed throughout the stream network. We collected soil samples in fall 2007 using a stratified random design, in which the catchment was divided into three elevation classes. At randomly selected locations, soil samples were collected below the organic horizon over depths of 10-25 cm. The soils were sieved, and 10 g samples were extracted for total inorganic N with 50 ml of 2M 
Summary of Observations
[14] Nitrate concentrations measured at the catchment outlet are clearly not representative of concentrations within the stream network. Common to all of the synoptic sampling periods are decreases in NO 3 − concentrations from the headwaters to the catchment outlet ( Figure 3 ). Concentrations in the main stem exhibit steady longitudinal declines in this direction, with approximately 3 to 10 fold differences from the highest to lowest elevations. While in-stream uptake and denitrification undoubtedly contribute to the decreasing concentrations observed along the main channel, a dilution effect is evident from Figure 3 , in which water input from the tributaries at the lower elevations generally results in reduced NO 3 − concentrations in the main channel. The lengths of the tributaries before joining the main channel are comparable, yet their respective NO 3 − concentrations vary with respect to elevation. This suggests that terrestrial factors may lead to spatially variable inputs of N throughout the catchment, with relatively higher loadings to the streams present in the upper elevations of the catchment. Significant elevational trends in other constituents such as calcium, magnesium, and chloride were observed, but the magnitudes of such trends were small compared with those of the NO 3 − concentrations. Constituents such as acid neutralizing capacity and dissolved silica did not exhibit significant elevational trends.
[15] The general spatial patterns in NO 3 − observed in the several years immediately following the defoliation were maintained in the 2007 synoptic survey (Figure 3 ). Although the overall NO 3 − concentrations were consistently lower, there were similar decreases in concentrations along the main channel going from the higher to lower elevations. There is also evidence that this decrease was caused, in part, by dilution from water added by the tributaries.
Stream Network Model Development
[16] Mulholland et al.
[2008] applied a stream network model to determine NO 3 − removal efficiency of catchments as a consequence of in-stream processes. An assumption of their modeling approach was that NO 3 − loadings to the stream were constant throughout the catchment. This is evidently not the case for the Paine Run catchment, as NO 3 − loadings to the stream in the upper reaches of the catchment appear to be greater than those at the lower elevations ( Figure 3 ). To evaluate the relative significance of terrestrial versus in-stream processes in determining the spatial variability of NO 3 − in this forested catchment, we adopt the modeling approach of Mulholland et al. [2008] , but allow for spatially variable inputs of NO 3 − to the stream network. [17] The observed spatial variability of NO 3 − concentrations in the first-order tributaries indicates that elevation may serve as a reasonable proxy variable for modeling NO 3 − inputs. We adopt the cumulative beta distribution function to establish a general positive relationship between normalized concentration, C/C max , and normalized elevation, (E − E min )/ (E max − E min ). For purposes of the model implementation, we take E max to be the highest elevation within the stream network, 704.6 m. The minimum elevation, E min , was assigned a value of 400 m, less than the elevation at the catchment outlet (424.9 m) to allow for nonzero concentrations at the lowest elevations. The cumulative beta distribution function, which is governed by two parameters, a and b, was chosen due to its flexibility in form. This property is demonstrated in Figure 4 for a select number of a and b values. For this lumped modeling framework, the representation of spatially variable NO 3 − inputs to the stream includes NH 4 + inputs that are subsequently nitrified and converted to NO 3 − . Terrestrial factors control stream inputs of both forms of N, and in forested catchments these inputs are typically dominated by NO 3 − , especially in the nongrowing season. Our approach does not explicitly account for inputs and in-stream processing of NH 4 + . Since NH 4 + is known to be rapidly removed after reaching the stream [Peterson et al., 2001] , the amount nitrified is considered, in terms of model accounting, to be a part of the NO 3 − delivered to the stream network.
[18] With terrestrial inputs of NO 3 − considered to vary as a function of elevation in this manner, in-stream processes affecting NO 3 − remain to be represented in the model. Nitrate concentrations vary throughout the stream network, and NO 3 − uptake velocities, v f , have been shown to be dependent upon these concentrations [Mulholland et al., 2008] . Therefore, we model v f according to the general form:
where − solely due to denitrification, they determined values of −0.493 and −2.975 for a and b, respectively. According to Mulholland et al. [2008] , the values for denitrification alone represent the lower limit on rates of biotic NO 3 − removal from stream water, while the former values represent the upper limit. For the purposes of our modeling, we allow the NO 3 − removal to proceed somewhere between these lower and upper limits. We introduce a parameter h, with a range [0 1], that establishes a and b according to: − concentrations with respect to elevation of the sampling locations. Tributaries typically have lower concentrations than the main stem, which contributes to the decline in NO 3 − concentrations going from the headwaters to the catchment outlet. Note: y axis scale for Figure 3d has been reduced.
where h = 0 represents denitrification alone, while h = 1 accounts for denitrification plus biotic assimilation and streambed storage. The parameter h could approach 1 during times when biotic and/or sediment storage are increasing, or when "coupled denitrification" (a tight spatial coupling of mineralization, nitrification, and denitrification [Seitzinger et al., 2006] ) accounts for the fate of a substantial portion of N in this pool. Regeneration of NO 3 − from the biota and sediment would have a net effect of reducing h, such that its value would approach 0 when uptake rates are approximately equal to regeneration rates over short timescales [Brookshire et al., 2009] . We acknowledge that, realistically, the values derived from the synthesis study by Mulholland et al. [2008] cannot be considered transferable to the present study site. These values are nevertheless useful for establishing reasonable, approximate ranges of v f while accounting for its dependence on [NO 3 − ], a quantity that exhibits considerable temporal and spatial variability in the Paine Run catchment.
[19] The stream network was derived from 10 m resolution digital elevation model data using simple areal accumulation. Determination of the area threshold required for active stream initiation was guided by the synoptic surveys, which recorded the locations of dry stream channels in the smaller tributaries during low-flow conditions. A linear relationship between the areal threshold for stream initiation and discharge at the catchment outlet was established based on these observations. Results from the dilution gaging during the 2007 synoptic survey (Figure 5 ) support the use of linear flow accumulation in the stream network with respect to contributing area. Although scatter exists due to heterogeneity in geological structure and soil properties, the presence of gaining and losing reaches, and measurement error, this approximation may be considered adequate for modeling purposes.
[20] In keeping with the approach of Mulholland et al. [2008] , hydraulic load must be calculated for each reach to determine the fraction of NO 3 − removed. Stream width, w, is therefore needed, and is estimated throughout the stream network by:
where Q 1 is the discharge at the catchment outlet (site 1) and Q is the discharge for a given reach (l s
−1
). The parameters K and c have values of 5.0 and 0.077, respectively, as determined from cross-sectional velocity and stream width measurements that are routinely made at the catchment outlet in support of rating curve development. The term (Q/Q 1 ) f distributes the width throughout the network, and for this we adopt a typical f value of 0.80 [Howard, 1990] . The model routes water and NO 3 − through the stream network, starting with the uppermost headwater reaches and proceeding downstream to the catchment outlet. For each 10 m stream reach, NO 3 − concentration is determined by mass balance, calculated as the difference between NO 3 − inputs to the reach (via upstream and lateral inflow) and NO 3 − outputs from the reach (via downstream outflow and in-stream removal), as in the work of Mulholland et al. [2008] .
[21] Three parameters are calibrated in the model: a and b, which determine the shape of the C/C max curve with respect to elevation (Figure 4) , and h, which regulates the magnitude of in-stream NO 3 − removal. For each model realization, C max , the NO 3 − concentration at the highestelevation stream reach, must be established. This is done by iteratively determining what C max must be to agree with the observed NO 3 − concentration at the highest-elevation sampling site (35; see Figure 1 ) for a given set of a, b, and h. Model calibration is performed in Matlab® using a multidimensional nonlinear Nelder-Mead simplex algorithm that minimizes the root mean squared error between the modeled and observed NO 3 − concentrations for the suite of sampling locations. This objective function does not distinguish between sampling sites that are located on the tributaries or main steam of the stream network. The minimization algorithm is unconstrained with respect to the a and b parameters, but does constrain h between 0 and 1. The model is applied to the eight synoptic surveys to infer the spatial variability of NO 3 − inputs and extent of in-stream removal.
Model Results
[22] Model fits to the observed NO 3 − concentrations are shown in Figure 6 , and values of the fitted parameters (a, b, and h) are presented in Table 2 . The model was successful in explaining > 80% of the spatial variability in the observed NO 3 − concentrations for all but the two summer synoptic surveys (Figures 6b and 6e ). For these, the ability of the model to simulate the tributary concentrations was at odds with its ability to simulate the main stem concentrations, and the final outcomes represented an inadequate compromise with respect to this combined objective. Apart from these summer data, the spatial variability of NO 3 − concentrations within the stream network was well captured by the simple network model over a wide range of stream discharges and NO 3 − loadings.
[23] Based on the model fits to the observed data, we infer the distributions of normalized NO 3 − concentrations entering the stream network, C/C max , with respect to elevation. The parameters a and b describe the shape of the cumulative beta distribution function, shown in Figure 7 for the eight synoptic surveys. While the concentration profiles for the summer data are clearly distinct, and are unreliable on account of the poor convergence of the model to the synoptic observations, the remainder of these profiles exhibit remarkable similarity. Nitrate concentrations input to the stream network display sharp declines with respect to elevation at the upper reaches of the catchment, but this relationship tapers off at the lower elevations. This general form is maintained despite the fact that actual magnitudes of the NO 3 − concentrations, as accounted for by the C max values given in Table 2 , vary dramatically over the timeframe of the study.
[24] Another output of the model is the percentage of the NO 3 − entering the stream network that is removed by in-stream processes (Table 2 ). Since both discharge and NO 3 − concentrations are variable over the synoptic surveys, we analyze the percentage removal with respect to their product, the NO 3 − flux measured at the catchment outlet (Figure 8a ). Similar to the model results reported by Mulholland et al. [2008] , percent NO 3 − removal is inversely related to NO 3 − flux and is found to be quite variable, spanning a range of 2-82% for the spring/fall surveys, when the model is best able to reproduce the spatial variability in the observed concentrations.
[25] Synoptic sampling in the Paine Run catchment has revealed consistent declines in NO 3 − concentrations along the main stem of the stream network (Figure 3 ). This raises the question: how much of this decline is due to in-stream removal and how much is due to spatially variable inputs from tributaries and lateral inflow? The percentage of the decline due to in-stream removal, P in-stream , is calculated by:
where R r is the removal rate for the entire stream network (mg NO 3 − N s −1 ) and C 1 is the NO 3 − concentration at the stream outlet. For the spring/fall surveys, the model indicates that in-stream removal accounts for less than 15% of the observed decline in NO 3 − along the main stem (Table 2) , with the remainder attributed to spatially variable inputs from terrestrial sources. For a majority of the surveys this percentage was in fact much less, especially for periods of high NO 3 − flux (Figure 8b ). In this particular setting, in-stream removal processes appear to be secondary with respect to controlling the spatial variability of NO 3 − within the stream network.
[26] During periods of high flow and/or high NO 3 − concentrations (i.e., high NO 3 − flux) a very small percentage of the NO 3 − reaching the stream network is removed due to instream processes such as denitrification and biotic uptake, and these processes have little impact on the spatial distribution of NO 3 − concentrations within the network. During periods of low flow and/or low NO 3 − concentrations (i.e., low NO 3 − flux), a much larger percentage of the NO 3 − is removed due to in-stream processes. While the influence of in-stream processes on the spatial variability of NO 3 − concentrations is enhanced under these circumstances, its overall impact remains relatively minor compared with terrestrial controls on the spatial variability of NO 3 − inputs. In the last two synoptic surveys, for instance, ∼80% of the NO 3 − input to the stream was subsequently removed by in-stream processes, yet only ∼12% of decline in NO 3 − concentrations along the main stem could be attributed to this factor. The overall relationship between these two metrics is shown in Figure 9 .
Discussion

Spatial Variability of Nitrate Inputs
[27] Data collected from the synoptic surveys indicate that NO 3 − supplied to streams varies with respect to elevation (Figure 3) , and model results display consistency in the form of this relationship (Figure 7) . A number of hypotheses exist for the cause of the higher NO 3 − inputs at higher elevation, but the viability of several of these hypotheses are questionable in light of the modeling results. For instance, the fact that the C/C max profile from the 2007 synoptic survey, which was conducted 15 years after the gypsy moth defoliation, is similar to the C/C max profiles derived from the immediate aftermath of the defoliation suggests that it is unlikely that increased tree mortality in the upper elevations could explain the spatial variability in NO 3 − inputs. While tree mortality and alterations to the terrestrial nitrogen cycling associated with the defoliation can have a longlasting impacts [Riscassi and Scanlon, 2009] , the spatial imprint of such impacts on the NO 3 − inputs would presumably not be well preserved over the timeframe of the study. More stable landscape-level processes are probably responsible for shaping the distribution of NO 3 − inputs to the stream network.
[28] Other possible explanations for this elevation effect are difficult to square with the magnitude of variability in NO 3 − inputs. For example, atmospheric deposition of nitrogen is typically greater at higher elevations [Lovett and Kinsman, 1990; Lawrence et al., 2000] , but this reported degree of spatial variability is nowhere near that exhibited by the NO 3 − inputs to the streams, as inferred from the model results (Figure 7) . Also, growth rates of trees at higher elevations may be limited due to thinner soils and greater water deficits during the growing season [Bormann et al., 1970] , which may reduce nitrogen uptake at these higher elevations [Bohlen et al., 2001] . Variability introduced by this biotic factor may likewise be insufficient to explain the extensive span of the NO 3 − concentrations over the elevation gradient.
[29] Differences in soil N pools could possibly explain the variability in N exported from the terrestrial portions of the catchment to the streams. Results from the soil sampling conducted in 2007 did not support the notion that higher soil N pools are present at higher elevations. Instead, there was a negative correlation between inorganic N (expressed in mass N per unit mass of soil) and elevation, although this correlation was not found to be significant (p = 0.08, n = 11).
[30] A probable cause of the observed pattern centers on the covariation of soil thickness and hillslope gradient with respect to elevation. Higher elevations in the Paine Run catchment are characterized by thin soils, which promotes enhanced hydrological transport of the near-surface sources of N. Perhaps more significantly, the steeper slopes in the upper elevations of the catchment contribute to reduced efficiency by which NO 3 − is removed as it is transported from hillslope to stream. Substantial denitrification takes place in riparian areas [Hill, 1996; Hedin et al., 1998; Clément et al., 2003] , and the rate of NO 3 − removal is highly sensitive to the ratio of hydrological transport versus bio- geochemical reaction timescales [Ocampo et al., 2006; Gu et al., 2007] . Steeper hillslopes result in steeper hydraulic gradients, which reduce transport timescales within the near-stream zones of denitrification. The efficiency by which microbes remove NO 3 − as it passes through this zone is thereby diminished for such hillslopes. This concept has been demonstrated in a field study by Ocampo et al. [2006] , conducted in an agricultural catchment in Western Australia, where the NO 3 − removal efficiency of ∼40% along a steep (6-10°) hillslope was found to be approximately half that of ∼80% removal efficiency along a relatively flat (1-3°) hillslope directly across the stream. Other field data compiled by Ocampo et al. [2006] reported NO 3 − removal efficiencies well in excess of 90% along flat hillslopes.
[31] Variations in the thickness of the organic matter-rich zones of denitrification, which too may scale with elevation, can amplify the spatial variability of NO 3 − removal from groundwater as it flows from hillslope to stream. Finally, the lower-elevation portions of the catchment are more likely to supply older (i.e., predefoliation) groundwater to the stream network, which may contribute to the observed dilution. Although elevation, per se, most likely does not have a significant, direct effect upon the concentration of NO 3 − input to the stream network, it appears to be a useful surrogate variable for capturing some of the more relevant topographical and pedological factors that influence the NO 3 − delivery processes.
Model Performance and Reliability
[32] The stream network model successfully captured a large portion of the observed spatial variability in NO 3 − concentrations. Exceptions were the summer synoptic surveys (Figures 6b and 6e) , which overpredicted the tributary concentrations and underpredicted the main stem concentrations. This behavior during the summer cannot be attributed simply to streamflow conditions, as discharges were similar to those observed for the other sampling periods (Table 1) . Also, the reduced performance of the model does not appear to arise from the representation of in-stream processes, as relaxing the constraints on the v f − [NO 3 − ] relationship by allowing a and b in (1) to be unconstrained parameters did not significantly improve the results. Instead, the discrepancy seems to be caused by a nonuniversal relationship between NO 3 − inputs and elevation during the summer. Specifically, NO 3 − concentrations input to the stream are lower for the main stem than they are for the tributaries at a given elevation.
[33] The summer sampling periods are distinct in that they took place during the active growing season, when uptake of NO 3 − by terrestrial vegetation along hillslopes and in riparian areas is likely to be much more substantial than in the early spring or mid fall. A plausible explanation for the relatively lower NO 3 − concentrations input to the main stem is the greater uptake by vegetation within the surrounding valley bottom, which is relatively broad and is where the water table is close to the surface. Topographic indices are the highest along the main stem, and the riparian vegetation has access to the NO 3 − -bearing groundwater over a wider corridor. This additional NO 3 − removal process could have the effect of decoupling the relationship between NO 3 − concentration and elevation such that it differs between the main stem and the tributaries. In any case, it is clear that the simple treatment of elevation as a predictor of NO 3 − concentrations entering the stream network is less appropriate for the summer conditions.
[34] The inverse modeling approach used here, in which parameters that describe the spatial distribution of NO 3 − inputs and extent of in-stream removal were determined by calibrating the model to match the observed data, is well defined in the sense that the parameters had distinct roles in influencing the model outcome. This reduces the potential for equifinality [Beven and Freer, 2001] , which can be a barrier to unambiguous determination of the parameter set using this general approach. A more fundamental issue is related to model structure, which encompasses the assumptions and simplifications that are necessarily adopted to simulate the catchment biogeochemical and physical processes. We construct a relatively simple network model with the goal of minimizing the number of calibrated parameters. An assumption shared with the model by Mulholland et al. [2008] is that the impact of spatially variable hyporheic exchange on in-stream NO 3 − removal is not considered. If, for instance, hyporheic exchange is suppressed in the upper elevation reaches of the catchment relative to those in lower elevations, this could also contribute to the observed pattern of declining NO 3 − concentrations along the stream as it flows from the headwaters to the outlet.
[35] Variability in hyporheic exchange is difficult to assess in a spatially distributed manner. Although limited in scope, we performed solute injection tests in winter 2008 along five tributary reaches that spanned a range of elevations with the aim of determining the hyporheic exchange characteristics from the OTIS-P [Runkel, 1998 ] finite difference solution to the advection-dispersion equation with transient storage areas [Bencala and Walters, 1983] . Conductivity time series were measured 20 m downstream of instantaneous salt injections and were converted to chloride concentrations for use as the upstream boundary conditions in the model. Separate measurements collected 50 m from the injection location served as the downstream observations used for fitting the model simulations. The OTIS-P model automatically calibrated for the stream cross-section area, A, the cross-sectional area of the storage zones, As, the exchange coefficient between the stream and the storage zones, a, and the dispersion coefficient, D. Model results are reported in Table 3 , along with a variety of metrics that describe the potential for solute interaction with the hyporheic zone. There is no evidence, based on these limited results, to indicate that the degree of hyporheic exchange trends with elevation. Other factors, however, such as amount of organic matter and oxygen content within the hyporheic zone could also influence the rates of NO 3 − removal. Additional information would be needed to detect any spatial variability of in-stream processes that might exist, for purposes of inclusion in a (more complex) stream network model.
Controls on Nitrate Removal and Spatial Variability of Concentrations
[36] Nitrate removal efficiency decreases with increased flux of NO 3 − from the catchment (Figure 8a ), an effect that can be partially explained by reduced NO 3 − uptake velocities when stream water NO 3 − concentrations are higher [Mulholland et al., 2008] . The other factor that contributes to this relationship is discharge, in which the proportion of NO 3 − removed from the water column is less when there is a greater volume of water passing over a section of stream. The eight synoptic surveys encompass a wide range of both NO 3 − concentrations and discharges, and the relatively wellorganized behavior of the NO 3 − removal with respect to a single variable, NO 3 − flux (Figure 8a ), is a consequence of the joint impact of these two factors.
[37] In the years immediately following the gypsy defoliation, high NO 3 − inputs to the streams contributed to the extremely low percentages of NO 3 − removed within the stream network (Table 2 ). Nitrate concentrations declined over time, and by 2007 approximately 80% of the NO 3 − input to the stream network was removed by in-stream processes before leaving the catchment outlet, a percentage that would likely be higher if the discharge were lower on the date of the synoptic sampling. Such high removal percentages might imply that in-stream processes would dominate the spatial variability of NO 3 − concentrations throughout the stream network, but in fact the contribution from this factor remains fairly low (Table 2 and Figure 9 ). Instead, declines in NO 3 − concentrations along the main stem from the headwaters to the catchment outlet (Figure 3 ) are dominated by spatial variability in terrestrial-derived inputs of NO 3 − , as determined from the stream network model results. There is a clear relationship between in-stream NO 3 − removal and its role in controlling the spatial variability of NO 3 − concentrations (Figure 9 ), but overall these in-stream processes play a secondary role in shaping this variability. This is significant because in recent years, much attention in the literature has been paid to in-stream nitrogen dynamics. This example from the Paine Run catchment demonstrates that terrestrial factors involved in the delivery of N to streams may exert an enormous influence on the spatial variability of stream water NO 3 − concentrations, and ultimately on the magnitudes NO 3 − fluxes delivered from catchments and subcatchments.
Conclusions
[38] Synoptic surveys conducted in the Paine Run catchment in Shenandoah National Park detected declines in stream water NO 3 − concentration from the high-elevation headwaters to the catchment outlet. This pattern was observed in the years immediately following gypsy moth defoliation and remained evident 15 years after this disturbance. Observed declines in NO 3 − concentrations along the main stem of the stream network were caused in part by dilution from tributaries, as water input along the lowerelevation portions of the catchment tended to have relatively low NO 3 − concentrations.
[39] Application of a stream network model to the synoptic survey observations revealed that profiles of NO 3 − concentrations input to the streams with respect to elevation remained fairly consistent over the sampling dates (Figure 7) . While in-stream removal by denitrification and biotic uptake accounted for the fate of a large portion of the NO 3 − input to the stream network, especially when NO 3 − loadings were low, terrestrially determined controls on NO 3 − inputs consistently explained the vast majority of the spatial variability in NO 3 − concentrations observed in the catchment. We note that the portion of NO 3 − removed by biotic uptake is not equivalent to N loss from the stream network, especially over long timescales, since dissolved and particulate forms of organic N, along with regenerated NO 3 − and NH 4 + , can ultimately be released from the catchment from the biotic N pool. a Tributary reaches over which the salt injections were conducted are denoted by the nearest sampling site. Lr, length of reach between conductivity measurements; Q, discharge measured along reach; D, dispersion coefficient; A, OTIS-P derived stream cross-sectional area; As, cross-sectional area of storage zone; a, exchange coefficient between stream and storage zone; u, mean stream velocity; As/A, average crosssectional area of storage zone normalized by cross-sectional area of stream channel [Valett et al., 1996] ; ts, storage zone residence time, equal to As/(aA) [Harvey et al., 1996] ; Ls, average length solute travels before interacting with the storage zone, equal to u/a [Harvey et al., 1996] ; Rh, storage zone residence time per unit stream reach traveled, equal to As/Q [Morrice et al., 1997] ; DaI, Damkohler number, equal to (aLr(1 + As/A))/u [Harvey and Wagner, 2000] .
